Abstract Butyl benzyl phthalate (BBP), an aryl alkyl ester of 1,2-benzene dicarboxylic acid, is extensively used in vinyl tiles and as a plasticizer in PVC in many commonly used products. BBP, which readily leaches from these products, is one of the most important environmental contaminants, and the increased awareness of its adverse effects on human health has led to a dramatic increase in research aimed at removing BBP from the environment via bioremediation. This review highlights recent progress in the degradation of BBP by pure and mixed bacterial cultures, fungi, and in sludge, sediment, and wastewater. Sonochemical degradation, a unique abiotic remediation technique, and photocatalytic degradation are also discussed. The degradation pathways for BBP are described, and future research directions are considered.
Introduction
With the growth in both human population density and industrial activity over the last decades, the quantity of man-made (xenobiotic) compounds released into the environment has greatly increased (CERHR 2000) . Chemical and pharmaceutical industries produce a wide array of xenobiotics, especially plasticizers and synthetic polymers, while pulp and paper bleaching industries are the main sources of the chlorinated organic compounds. Although the demands of the approval processes and regulation governing the release of xenobiotics have been growing continuously during the last two decades, unforeseen consequences of the release of man-made chemicals into the environment have recently been discovered. One of these effects is the disturbance of the mammalian endocrine system by compounds that bind to estrogen receptors. The effects of man-made chemicals on the endocrine system have been studied for decades, but their relevance for human health has only recently been acknowledged. Man-made endocrine disruptors (EDs) can interfere with hormones by mimicking hormones, blocking hormone receptors, or altering hormone metabolism (Gilbert 2006) . EDs are now regarded as the most dangerous pollutants by environmental protection agencies around the world.
Health agencies and scientists are deeply concerned about the exposure of humans to EDs, which are now widely distributed in the environment (Carlsen et al. 1992; Hewitt et al. 2007; Jiao et al. 2007; Safe 2004) . Nonsteroidal EDs are less powerful than steroidal EDs but are produced in much larger quantities. The best known EDs are phthalates, hexachlorocyclohexane (lindane), pentachlorophenol, DDT, bisphenol A, atrazine, dioxins, furans, poly-chlorinated biphenyls, and also some heavy metals (Dyer 2007) . Natural products with estrogenic activities such as plant-based phytoestrogens and resorcylic acid lactone mycotoxins are also regarded as EDs.
One of the most important classes of EDs are esters of phthalic acid (1,2-benzenedicarboxylic acid) or phthalates, which are ubiquitous in the environment. Phthalates have been found in sediments, natural waters, soils, and aquatic organisms (Giam et al. 1984; Staples et al. 1997) , and also in drinking water, air, and food (ATSDR 1995 (ATSDR , 2000 .
Globally, more than 18 billion pounds of phthalates are used each year primarily as plasticizers in flexible polyvinyl chloride (PVC) products (Blount et al. 2000a ) and also as inert ingredients in many sprays including pesticides and in many consumer products such as cosmetics and wood finishes (Blount et al. 2000b) . As plasticizers, phthalates are not tightly bound to the plastics, and they therefore leach from plastic products into the environment over time. Because of their widespread use as plasticizers, phthalates have been detected in human serum and plasma (Kato et al. 2003) . Relatively high-molecular-weight phthalates do not dissolve easily in water and can accumulate in tissues of various aquatic organisms. Thus, they can accumulate in the food chain via biomagnifications as one organism consumes food lower in the chain and is subsequently consumed by an organism higher in the chain; humans are generally at the top of such chains, and this increases their exposure.
Among phthalate esters, butyl benzyl phthalate (BBP) ( Fig. 1) is one of the most important environmental contaminants with documented adverse health effects (Bornehag et al. 2004; Harris et al. 1997; Kang and Lee 2005; Liu and Chen 2006; Nakai et al. 1999; Soto et al. 1995 ). BBP has been tested for estrogenic properties both in vivo and in vitro (Harris et al. 1997; Jobling et al. 1995; Nativelle et al. 1999 ). In the recombinant yeast screen assay, BBP was the most active estrogenic phthalate among those tested (Harris et al. 1997) . BBP caused developmental and testicular toxicity as well as malformations and embryonic deaths in mice and in rats (Agas et al. 2007; Ema et al. 1999; Gray et al. 2000; Piersma et al. 2000) . BBP possesses significant reproductive toxicity in that it decreases sperm production, alters sexual development in neonates, and induces genomic changes in the rat mammary gland after neonatal/prepubertal exposure (Ema et al. 2003; Ema and Miyawaki 2002; Moral et al. 2007; Swan 2008) . Furthermore, BBP alters the levels of testosterone and other reproductive hormones and is toxic to the testes, prostate, and seminal vesicle (NTP-CERHR 2003) . Picard et al. (2001) showed that BBP was extensively metabolized by MCF-7 cells (a breast cancer cell line), resulting in the accumulation of the metabolites, mono-butyl phthalate (MBuP), mono-benzyl phthalate (MBzP), benzoic acid, phthalic acid, and hippuric acid in the medium. Prenatal exposure to MBuP and MBzP is associated with shortened anogenital distance in male infants of humans (Swan et al. 2005) . BBP and its monoesters also participate in the induction of antiandrogenic and teratogenic effects in rats (Ema and Miyawaki 2002, and references therein) . A twogeneration reproductive study with male and female Sprague-Dawley rats showed that BBP exposure reduced the weight of the ovaries in adult females and the body weights in newborns and modified anogenital distances in both male and female pups (Nagao et al. 2000) . A recent report on toxicity tests with two-stage embryos of the marine univalve Haliotis diversicolor supertexta showed that BBP was the most toxic among the seven phthalates tested (Liu et al. 2009 ). In humans, BBP was suspected to increase the severity of endometriosis (Reddy et al. 2006) .
According to the American Chemistry Council (ACC, formerly CMA) (CMA 1999) , the largest use of BBP is in vinyl tile. BBP is also used as a plasticizer in PVC-based food conveyor belts, carpet tiles, artificial leather, tarps, automotive trim, weather stripping, traffic cones, and to a limited extent in vinyl gloves (IPCS 1999) . The compound is also a component of some adhesives, cellulose plastics, and polyurethane (IPCS 1999) . As an environmental contaminant, BBP is usually released into the air in the form of dust. BBP may be released to the air through the combustion of refuse (Graedel et al. 1986) , and it has also been detected in stack emissions from hazardous waste combustion facilities and from coal burning power plants in the USA (Oppelt 1987) . Once in the atmosphere, BBP spreads and can subsequently be detected in the atmosphere, soil, surface water, and sediments (CICAD 1999) .
Increased awareness of the harmful effects of EDs has led to a dramatic increase in research on methods to remove these compounds from the environment. One of the most studied methods of removal is bioremediation, which involves the enzymatic degradation of pollutants by living organisms. Compared to non-biological methods, the great versatility of microorganisms represents a simpler, less expensive, and more environmentally friendly method for reducing environmental pollution. In the following, we describe recent developments in strategies for the removal of BBP from the environment.
Degradation of BBP
Degradation by pure bacterial cultures Degradation of BBP has been reported for bacteria of three divisions, namely Proteobacteria, Actinobacteria (high GC content), and Firmicutes (low GC content). Strains degrading BBP belong to the genera Sphingomonas (α-Proteobacteria), Pseudomonas (γ-Proteobacteria), Corynebacterium (Actinobacteria), Gordonia (Actinobacteria), Arthrobacter (Actinobacteria), Enterococcus (Firmicutes), and Bacillus (Firmicutes). All these genera are obligatory aerobic; anaerobic degradation of BBP by bacteria in pure culture has not been reported yet. Chatterjee and Dutta (2003) described degradation of BBP by a Gram-positive bacterium, Gordonia sp. strain MTCC 4818, isolated from creosote-contaminated soil. The strain hydrolyzed both ester bonds of BBP, utilized the released benzyl alcohol and butanol for growth, and was able to use BBP as a sole source of carbon and energy. The esterase activity was induced by BBP, and phthalic acid accumulated as an end product in the medium. MTCC 4818 degraded 1 g/L of BBP at neutral pH and at 28°C within 4 days, but the degradation of monoesters MBuP and MBzP was considerably slower, and these compounds accumulated in the spent culture in a 1:2 ratio.
Corynebacterium sp. DK4, which was isolated from river sediment, and Sphingomonas sp. O18, which was isolated from petrochemical sludge, completely degraded BBP (5 mg/L) in batch culture at 30°C and at pH7 under aerobic conditions within 2 and 3 days, respectively (Chang et al. 2004) . Corynebacterium sp. DK4 degraded BBP under a wide range of conditions, including temperatures from 20°C to 40°C and neutral to alkaline pH values. Strain DK4, however, could only utilize low concentrations (5 mg/L) of BBP; higher concentrations of BBP (30 and 100 mg/L) remained unaffected in the medium even after 7 days of incubation, indicating that high phthalate concentrations were toxic to the bacterium. DK4 degraded a mixture of eight phthalates much faster than single phthalates because the mixtures provided a greater range of carbon and energy sources. The authors confirmed their in vitro results with soil experiments , and they found that Sphingomonas sp. O18 could also degrade BBP but more slowly than DK4.
The bacterium Pseudomonas fluorescens B-1, which was isolated from mangrove sediment, completely degraded BBP in vitro within 6 days over a concentration range of 2.5 to 20 mg/L at pH7 and 30°C (Xu et al. 2006) . The rate of BBP degradation (at an initial concentration of 10 mg/L and pH7) increased with temperature from 20 to 37°C. The optimum pH, temperature, and salinity for this experiment were 7.0, 37°C, and 15 g/L, respectively. The authors assumed that the degradation process could be fitted to a first-order kinetic model. The major metabolites found during the course of degradation were MBuP, MBzP, phthalic acid, and benzoic acid. Like Gordonia sp. strain MTCC 4818 (Chatterjee and Dutta 2003) , P. fluorescens B-1 utilized the butyl group moiety of BBP more readily than the benzyl moiety (Xu et al. 2006 ). Chang et al. (2007) isolated bacteria from sludge samples and found 11 aerobic strains capable of metabolizing the following phthalates as carbon sources: BBP, diethyl phthalate (DEP), dibutyl phthalate (DBP), and diethyl hexyl phthalate (DEHP). The most effective strains were Enterococcus sp. OM1, Bacillus benzoevorans (S4), and one unidentified strain (OM5). These three strains reduced the amount of BBP in the medium by 98.6% to 100% within 5 days of incubation. Degradation by these three strains was comparable to that by Sphingomonas sp. O18 and Corynebacterium sp. DK4 (Chang et al. 2004) .
Arthrobacter sp. WY, which was isolated from municipal waste-contaminated soil, degraded 50% BBP (initial concentration 1 g/L, at pH7 and 28°C) within 16 days and 95% within 39 days; no BBP was detected after 44 days (Chatterjee and Dutta 2008a) . The slow utilization of BBP was believed to reflect the poor transport behavior of the substrate due to its hydrophobic nature. The authors suggested that the cell surface hydrophobicity of strain WY was very low, which reduced the contact with the hydrophobic substrate and thereby slowed down the degradation in the aqueous medium. The addition of Tween 80 at 0.05 mM increased the rate of BBP degradation by almost twofold, and total degradation was accomplished within 20 days (Fig. 2) . Interestingly, the strain could not utilize the side-chain alcohols (benzyl alcohol and butanol) released from BBP as carbon sources, but it could utilize both the monoesters (MBuP and MBzP) as well as phthalic 
Degradation in sludge
A number of studies have reported aerobic degradation of phthalates in sludge (Staples et al. 1997; Wang et al. 1997; Wang et al. 1996) . In wastewater treatment plants, phthalates precipitate from the wastewater and concentrate in the sludge because of their low solubility (Bauer and Herrmann 1997) . Their levels in sludge ranged from 12 to 1,250 mg/kg (Staples et al. 1997) . Li et al. (2005) demonstrated that activated sludge was highly efficient in degrading BBP, i.e., more than 95% of the BBP was removed within 1 day. The authors showed that the degradation can be described by the first-order model and that the degradation rate constant decreases as the concentration of BBP increases, indicating that high concentrations of BBP inhibit its biodegradation. In sludge, BBP was first biodegraded to produce monoester, then phthalic acid, and finally CO 2 and H 2 O (Li et al. 2005) .
In another study, Chang et al. (2007) investigated the effects of ultrasonic pre-treatment, pH, temperature, yeast extract, surfactant, and hydrogen peroxide on the aerobic degradation of four phthalates (DEP, BBP, DBP, and DEHP) in sludge. Ultrasonic pre-treatment (0.1 W/mL, 20 min) increased the rate of phthalate chemical reactions in sterile sludge but much more so in nonsterile sludge. The increased effect of ultrasonic treatment in nonsterile sludge was explained by the increased activity of microorganisms. The effect of ultrasound alone can be explained by "sonochemical degradation". As described in greater detail later in this report, ultrasonic treatment of aqueous solutions generates high local temperatures and pressures in collapsing cavitation bubbles, which produce OH radicals and H atoms via pyrolysis of water. These radicals can react with organic compounds, initiating their degradation (Suslick et al. 1986; Yim et al. 2002) . As documented by Chang et al. (2007) , aerobic degradation of these phthalates (at initial concentrations of 50 mg/kg and at pH7 and 30°C) followed first-order kinetics. The order of the biodegradation rates were DBP>BBP>DEP>DEHP. In this case, the BBP degradation rate constant was 0.332/day, and the BBP half-life was 2.1 days. Only phthalic acid was identified as an intermediate of the degradation process. In this study, addition of yeast extract and surfactants (brij 30, brij 35) also increased the rate of phthalate degradation. BBP biodegradation rate was increased nearly twofold by addition of yeast extract and 1.75-fold by addition of brij 35. The surfactants enhance degradation because the phthalates become partitioned into the surfactant's micellar phase and are then directly available to microorganisms (Santharam et al. 1997) . The authors also showed that phthalate degradation at pH7 and 30ºC was greater in a bioreactor experiment than in a batch experiment. Phthalate degradation was greater when phthalate was added twice (at either 100 or 1,000 mg/kg) rather than once to the sludge sample. Half-lives of BBP were 1.2 days (after the first addition of 100 mg/kg BBP in sludge), 0.9 days (after the second addition of 100 mg/kg BBP in sludge), 6.4 days (after the first addition of 1,000 mg/kg BBP in sludge), and 1.4 days (after the second addition of 1,000 mg/kg BBP in sludge). The authors concluded that combination of ultrasonic pre-treatment and biodegradation is effective for the removal of BBP and other phthalates from sludge (Chang et al. 2007 ).
Degradation in sediments
In both aquatic and terrestrial systems (e.g., sewage, soil, sediment, and surface water), microbial action is the principal mechanism for phthalate degradation (Staples et al. 1997) . For the degradation of phthalates, both aerobic and anaerobic isolates have been described. BBP was readily biodegraded in aerobic surface water, with a halflife of 1-7 days (Saeger and Tucker 1976) . Biodegradation was considerably slower in cold water, as BBP was almost completely biodegraded after 7 days in Rhine River water at 20°C but was not biodegraded in the same water after 10 days at 4°C (Ritsema et al. 1989 ). According to , six sediment samples from rivers in Taiwan contained an average of 0.2 μg of BBP/g. The average biodegradation half-life of BBP in the six-river sediment samples was 3.1 days under aerobic conditions but 19.3 days under anaerobic conditions. Under both aerobic and anaerobic conditions, BBP was degraded more rapidly than its higher molecular weight counterparts because resistance of phthalates to biotransformation increases with molecular weight (Park et al. 1990) . Chang et al. (2004) quantified the degradation of eight phthalates (initial concentration of 5 mg/L and present together) in sediment by Corynebacterium sp. DK4. After 7 days of incubation, 99.2% BBP was degraded, where DEP, diphenyl phthalate (DPP), and DBP were degraded completely. Degradation was slower in sediment than in sediment-free culture samples (Chang et al. 2004 ). The slow degradation of phthalates in sediment could result from their low bioavailability, as indicated by Yuan et al. (2001) for phenanthrene degradation in river sediment. Addition of nonylphenol and five PAHs (concentration 1 μg/g) to sediments retarded the degradation rate of BBP nearly three and fourfold, respectively.
In another study, Lertsirisopon et al. (2006) investigated biodegradation of DBP, BBP, DEHP, and di-isononyl phthalate (DINP) under anaerobic conditions in three natural sediments obtained from ponds in Osaka. The degradation of the four phthalates followed the first-order kinetic model with a lag phase, and the order of the degradation rates was DBP>BBP >>DEHP>DINP. DBP and BBP were degraded with short lag phases and short half-lives of a few days. The result suggested that the potential for anaerobic biodegradation of phthalates is widespread in aquatic environments (Lertsirisopon et al. 2006 ).
Degradation by mixed bacterial cultures
It is unlikely that a single bacterium possesses all of the genes required for the complete mineralization of aryl alkyl phthalates. The degradation of BBP, for instance, requires esterase(s) specific for BBP and its monoester(s), in addition to enzymes for degradation of phthalic acid, benzyl alcohol, and n-butanol. Therefore, scientists are developing syntrophic bacterial consortia for complete degradation of such phthalates. In this consortium, different members are specialized in certain biodegradative steps, generating intermediates that are degraded by other members. Chatterjee and Dutta (2008a, b) recently described two defined consortia and discussed the role of individual species for the biodegradation of BBP in vitro. The first consortium was a two-member culture developed by enrichment of local soil with BBP (Chatterjee and Dutta 2008a) . The consortium consisted of Arthrobacter sp. strain WY and Acinetobacter sp. strain FW, both isolated from soil contaminated with municipal waste (Dhapa, Kolkata). The dual culture completely assimilated 1 g/L of BBP in aqueous solution within 44 days at 28°C with no appreciable accumulation of intermediate metabolites.
When Tween 80 was added to the co-culture, BBP was completely assimilated within 20 days. Arthrobacter sp. strain WY was able to utilize BBP as the sole source of carbon and energy. The strain WY was also able to utilize MBuP, MBzP, phthalic acid, or protocatechuic acid as sole carbon sources but could not grow on benzyl alcohol or 1-butanol. On the other hand, Acinetobacter sp. strain FW was able to utilize both of the side-chain alcohols for growth but could not use BBP, MBuP, MBzP, phthalic acid, or protocatechuic acid. The strain FW also utilized benzaldehyde, benzoic acid, catechol, butyraldehyde, and butyric acid as sole carbon sources. The analysis of the degradation pathway established that strain WY first hydrolyzed BBP to its monoesters and then further to phthalic acid, which was metabolized to protocatechuic acid, β-carboxy-cis,cis-muconate, and ultimately leading to the tricarboxylic acid (TCA) cycle. Spectrophotometric data showed that protocatechuic acid was degraded by orthocleavage dioxygenation. The strain FW played no role in the degradation of BBP but possessed catabolic enzymes essential for the assimilation of free alcohols. This activity was absent in the strain WY. Thus, the two strains were complementary regarding the assimilation of this xenobiotic compound. However, the degradation of BBP by the consortium was slow. The authors hypothesized that the cause was a very low surface hydrophobicity of the cells of strain WY, which negatively affected the partitioning of the hydrophobic substrate between medium and cells. Their hypothesis was corroborated by a considerable increase of the rate of BBP degradation when surfactants were added (Chatterjee and Dutta 2008a) .
The second consortium was a co-culture of Gordonia sp. strain MTCC 4818 and Arthrobacter sp. WY (Chatterjee and Dutta 2008b) . These two strains were previously reported to utilize BBP individually as a sole source of carbon and energy, but the individual strains could not completely degrade BBP Dutta 2003, 2008a) . The limitations of the individual strains were overcome in dual culture, which completely mineralized BBP without identifiable intermediates within 108 h. Analysis of esterases involved in the key initial metabolic steps of the BBP degradation pathway indicated the presence of multiple esterases in both species. The esterases were induced by BBP and possessed unique or broad substrate specificities toward BBP and its monoesters. The weak ability to hydrolyze monoesters and the inability to metabolize phthalic acid in Gordonia sp. were compensated for by the abilities of Arthrobacter sp. On the other hand, the inability to utilize BBP-hydrolyzed alcohols by Arthrobacter sp. was compensated for by Gordonia sp. Moreover, a number of catabolic enzymes other than esterases participated in the metabolism of BBP. The co-culture completely degraded BBP (at an initial concentration of 1 g/L) in 72 h while bacterial growth reached the stationary phase at 108 h. During the growth period, very low concentrations of products of hydrolyzed BBP and other intermediate metabolites accumulated in the culture, indicating continuous utilization of intermediates during incubation. Although the co-culture started with equal numbers of both bacteria, the ratio of the Gordonia to Arthrobacter cells was higher during the initial hours of degradation relative to the later stages, indicating the ability of the former strain to metabolize BBP more rapidly and to utilize the hydrolyzed alcohols for growth (Chatterjee and Dutta 2008b) .
To understand the involvement of esterase(s) in the degradation of BBP by the co-culture, Chatterjee and Dutta (2008b) determined the production of hydrolytic enzymes in Gordonia sp. strain MTCC 4818 and Arthrobacter sp. strain WY. Activity profiles of the esterases indicated that the BBP-hydrolyzing activities of the two bacteria were similar but that monoester-hydrolyzing activity was much higher in the cell-free extract of BBP-grown cells of Arthrobacter sp. strain WY. Apart from degradation of BBP, this co-culture was able to completely degrade a mixture of phthalates of environmental concern.
A third example of a dual culture performing better than its constituents was reported by Chang et al. (2004) . Strains of Corynebacterium sp. and Sphingomonas sp. were more effective when used as a dual culture than as single cultures for phthalates degradation. The mixed culture efficiently degraded eight phthalates, including BBP. The authors hypothesized that the higher efficiency of dual cultures resulted from synergistic effects of enzymes produced by each strain.
Degradation in wastewater treatment processes
A major environmental source of phthalates is water released from industrial and municipal wastewater treatment plants (WWTP). Municipal wastewater contains high concentrations (milligrams per liter) of phthalates due to urban runoff and discharges from households (Vikelsøe et al. 1998 ). Dioctyl phthalate, dimethyl phthalate (DMP), DBP, BBP, DEHP, and DINP are phthalates that are commonly found in municipal wastewater. Under most environmental conditions, abiotic hydrolysis of phthalates in wastewater is negligible (Staples et al. 1997) . The poor mineralization property of phthalates in the wastewater treatment processes is due to their high hydrophobicity and low solubility, which cause phthalates to be adsorbed to suspended organic matter and to be subsequently transferred to settled sludges (Gavala et al. 2003) . Enzymatic cleavage and subsequent degradation by microorganisms in wastewater and activated sludge removes a significant fraction of phthalates entering activated sludge in WWTP (Fauser et al. 2003; Marttinen et al. 2003) . A substantial portion of the phthalates is first adsorbed to sludge and then degraded. The fate of phthalates in WWTP and laboratoryscaled reactors has been well studied. Roslev et al. (2007) reported a BBP biodegradation rate of 0.726 kg/day at a WWTP in Aalborg, Denmark, and predicted that the anaerobic mesophilic digestion process and activated sludge process facilitated the main biodegradation activity, as was observed in other studies (Cheng et al. 2000; Gavala et al. 2003; Marttinen et al. 2003) . About 90% of BBP were biodegraded, and very low amounts of DBP and BBP entering Aalborg East WWTP were recovered in treated dewatered sludge in their experiment (Roslev et al. 2007) . Although biodegradation removes much of the phthalate that enters activated sludge in WWTPs, the underlying biotic processes and abiotic conditions are poorly understood.
Degradation by fungi
Fungal degradation of phthalate esters, particularly aryl alkyl phthalates, has been less studied than bacterial degradation. The wide range of degradation abilities of fungi is due to the high activities of their extracellular ligninolytic enzymes, such as laccase, manganesedependent peroxidase, and lignin peroxidase. As an example, a fungal cutinase produced by Fusarium oxysporum f. sp. pisi strain showed high activities toward various phthalates (Ahn et al. 2006; Kim et al. 2002 Kim et al. , 2003 Kim et al. , 2007 . In the case of BBP, fungal cutinase (10 mg protein/L) from F. oxysporum f. sp. pisi degraded almost 60% of the initial BBP (500 mg/L) within 7.5 h while yeast esterase (10 mg protein/L) from Candida cylindracea degraded less than 10% of the initial BBP after 3 days (Kim et al. 2002) . Significant hydrolysis of BBP after 3 days exposure to the yeast esterase required 100 mg/L of the enzyme. The cutinase (10 mg/L) and esterase (100 mg/L) hydrolyzed 85% and 80%, respectively, of p-nitrophenyl butyrate in a 0.1% methanol solution at 30°C during 72 h. Stability of cutinase activity was greater than that of esterase within this period. The values of the degradation constants indicated that the initial rate of BBP degradation was more than four times greater with cutinase than with esterase and that more than 30% of the initial BBP was degraded by cutinase within the first 15 min. The mechanism of the enzymatic decomposition was determined by identifying the following intermediates of degradation: butyl methyl phthalate (BMP), dimethyl phthalate (DMP), benzene methanol (BM), 1,3-isobenzofurandione (IBF), and an unidentified compound. Among them, IBF was a major metabolite produced during the initial 7.5 h in both enzymatic processes, and the concentration of IBF decreased thereafter. For the esterase, BMP was the most abundant product after 3 days. For the cutinase, degradation products other than IBF were produced at very low concentrations. The major product of degradation by the esterase, BMP, was found to be toxic and damaged the protein of the bacteria (recombinant bioluminescent Escherichia coli), whereas the other metabolites and the enzymes were not toxic (Kim et al. 2002) . Seok et al. (2008) recently investigated the biodegradation of the phthalates DEP, DMP, and BBP by ten white rot fungi isolated in Korea. The fungi were Pleurotus ostreatus, Irpex lacteus, Polyporus brumalis, Schizophyllum commune, Fomitella fraxinea, Merulius tremellosus, Trametes versicolor, and T. versicolor MrP1, MrP13 (transformant of the Mn-repressed peroxidase gene of T. versicolor) and MnP2-6 (transformant of the Mn-dependent peroxidase gene of T. versicolor). When fungal mycelia were added together with 100 mg/L of each phthalate to yeast extractmalt extract-glucose (YMG) medium, phthalate degradation occurred within 12 days. For all fungi but I. lacteus, growing the fungus for 5 days before addition of the phthalate resulted in greater degradation of the phthalates. For example, this pre-incubation increased the rate of BBP degradation 1.5 to 4 times. P. ostreatus degraded BBP most efficiently. The supernatant of a P. ostreatus culture, obtained by growing the fungus in YMG medium for 4 days at 30°C, degraded only 14.9% of 100 mg/L BBP. Washed intact mycelia and homogenized mycelia degraded all BBP within 2 days even in distilled water, indicating that P. ostreatus degrades phthalates by intracellular or mycelium-associated enzymes. Indeed, enzymes responsible for the degradation of xenobiotics are often cell wall bound, like laccase of I. lacteus (Svobodová et al. 2006) or intracellular, like DMP-degrading esterase from Bacillus sp. (Niazi et al. 2001 ). Filamentous fungi like P. ostreatus can produce hydrophobins (Peñas et al. 2002) , which are lowmolecular-weight proteins that can render the fungal structure hydrophobic (Linder et al. 2005 ) and may result in denser fungal pellets in aqueous media. The hydrophobic fungal structures readily adsorb hydrophobic phthalates and thereby facilitate degradation. Figure 3a compares the degradation of BBP by fungi. For a comparison, hydrolysis of BBP by cutinase (10 mg protein/L) from F. oxysporum f. sp. pisi was included, which removed 300 mg/L of BBP within 7.5 h. Other ten white rot fungi degraded 80 to 100 mg/L of BBP within 6 to 12 days. Among these, P. brumalis, T. versicolor, and the transformants of T. versicolor, MrP1 and MnP2-6, degraded 100 mg/L of BBP much faster than the other strains tested. T. versicolor has high lignin-degrading activity and the ligninolytic enzymes, such as Mn-repressed peroxidase or Mn-dependent peroxidase is responsible for the degradation of recalcitrant compounds (Seok et al. 2008; Yeo et al. 2007 ). Therefore, overexpressed genes of these enzymes facilitated the degradation rate in case of T. versicolor transformants. Other transformant MrP13 can degrade 95 mg/L of BBP but took longer time (12 days), and authors speculated that lower growth rates of the transformant was the responsible factor for this result (Seok et al. 2008) . Strain S. commune was poorest BBP degrader among these ten white rot fungi and can degrade only 80.3 mg/L of BBP in 12 days. Figure 3b compared the BBP degradation efficiency among ten white rot fungi grown separately in YMG medium for 5 days before addition of BBP. In this condition, P. brumalis, P. ostreatus, and transformants of T. versicolor, MrP1 and MrP13, showed higher degradation rate. Among these ten strains, I. lacteus was the slowest degrader in this condition which can degrade 92.7 mg/L of BBP in 12 days. Fig. 3 Degradation of BBP by fungi. a BBP was incubated with (1) F. oxysporum f. sp. pisi cutinase (10 mg protein/L) in Tris-HCl buffer (10 mM, pH8.0) (Kim et al. 2002) ; (2) P. brumalis; (3) T. versicolor; (4) T. versicolor MrP1; (5) T. versicolor MnP2-6; (6) F. fraxinea; (7) P. ostreatus; (8) I. lacteus; (9) M. tremellosus; (10) T. versicolor MrP13; (11) S. commune were incubated with BBP in YMG medium (Seok et al. 2008 ) using 10% (w/v) fungal mycelium as inoculum. Initial concentration of BBP was 500 mg/L for (1) and 100 mg/L for (2-11). The standard deviation was negligibly small for (1), zero for (2-9), 2.7% for (10), and 0.3% for (11). b BBP was added into 5-dayold fungal cultures grown in YMG medium. Standard deviation for strains (8) and (11) were 2.8% and 4.2%, respectively. For the other strains, the standard deviation values were negligibly small. Initial concentration of BBP was 100 mg/L Sonochemical degradation Ultrasound can enhance oxidation and has recently received increasing attention for the treatment of chemical contaminants in water. Ultrasonic irradiation of aqueous solutions induces acoustic cavitation, which concentrates the diffuse energy of ultrasound into micro-reactors. In the context of sonochemical degradation, cavitation is defined as the cyclic formation, growth, and subsequent collapse of microbubbles or cavities; this cavitation occurs in extremely small intervals of time and releases large quantities of energy over a small location (Gogate 2002) . The heat generated during cavity implosion decomposes water into free hydrogen atoms and hydroxyl radicals, which are both extremely reactive. During the cooling phase, the atoms and radicals recombine to form hydrogen peroxide and molecular hydrogen (Ince et al. 2001) . This environment enhances the decomposition of organic compounds and the oxidation or reduction of inorganic complexes (Seymour and Gupta 1997) . Hydrophobic solutes are particularly prone to degradation by low-frequency ultrasonic cavitation because they accumulate at the water-gas interface and are directly exposed to hydroxylation and thermal decomposition when the bubble collapses (Ince et al. 2001) . Successful removal of a wide range of organic pollutants from aqueous solution by ultrasound treatment indicates that sonochemical degradation could be widely used for environmental remediation (Adewuyi 2001) . Psillakis et al. (2004) reported the sonochemical degradation of aqueous solutions of six phthalates at very low concentrations (microgram per liter); the experiments used continuous ultrasonic irradiation (frequency of 80 kHz) at a constant electric power output of 150 W and a constant water bath temperature of 21°C. Starting with 40 µg/L of BBP (initial overall concentration of phthalates was 240 µg/L), the authors found that almost 97% of BBP was degraded within 60 min and that no BBP was detected after 120 min. The presence of 10% (w/v) NaCl enhanced the removal rates for the more polar phthalates, DMP, DEP, BBP, and DBP. In the presence of NaCl, solubility of phthalates in the reaction mixture decreased, and diffusion of solutes from the bulk solution to the bubble-water interface was enhanced. This facilitated solute accumulation in the interfacial sheath, resulting in their faster degradation; only a trace quantity of phthalic acid was detected as a degradation product (Psillakis et al. 2004 ).
Degradation in landfills
Phthalates are weakly bound to plastics and therefore readily leach from plastic products into the environment. Appreciable amounts of phthalates have been detected in liquid samples withdrawn from landfills (Oman and Hynning 1993) and in landfill leachates (Bauer et al. 1998; Jonsson et al. 2003a) .
Mineralization of organic compounds in landfills is mostly anaerobic and occurs in three phases. After the first two phases of hydrolysis and fermentation, organic substrates are converted into a series of intermediates including fatty acids and alcohols, which finally lead to hydrogen, methane, and carbon dioxide (Christensen and Kjeldsen 1989) . Phthalate diesters in landfills are degraded by methanogenic consortia, which release phthalate monoesters into the leachate in the first phase of the degradation. The degradation of BBP and DEHP was confirmed experimentally (Jonsson et al. 2003b) . The anaerobic phthalate biodegradation in landfills, however, is less efficient than the degradation in anaerobic reactors (Ejlertsson et al. 1996) .
Photocatalytic degradation Xu et al. (2009) recently described photocatalytic degradation of BBP using UV light in the presence of the photocatalyst TiO 2 . At neutral pH, BBP was adsorbed on TiO 2 particles because of zero charge density (isoelectric point of the catalyst about pH6.2-7.5) of the catalyst. Irradiation (at 350 nm for 2 h) of an aqueous solution containing TiO 2 (2 g/L) degraded nearly 0.8 mg/L of BBP and the process followed pseudofirst-order kinetics. Increasing the concentration of TiO 2 up to 2 g/L increased the degradation rate because it increased the total surface area of the catalyst. A higher concentration of the catalyst (>2 g/L) does not enhance degradation because it decreases light penetration, increases light scattering, and may limit access to the catalyst surface due to catalyst agglomeration. The authors showed that addition of electron acceptors such as BrO 3 − , ClO 4 − , and Cr 2 O 7 2− enhanced BBP degradation. This may be due to the withdrawal of free electrons by these radical anions, which restrict the recombination of electrons and holes (the activity of semiconductor photocatalysts is determined by free electron-hole pairs, generated when semiconductor particles are illuminated with light of the energy larger than the semiconductor band gap (Xu et al. 2009) − slowed BBP degradation. These ions were adsorbed on the surface of TiO 2 and blocked its active sites. Scavenging of hydroxyl radicals by phosphate and carbonate also contributed to the reduction of the degradation rate. Addition of acetone or methanol to 0.01 M decreased the efficiency of photocatalytic degradation, probably because these small molecules blocked the active sites, scavenging hydroxyl radicals. Similar to the bacterial degradation of BBP, the major intermediates of photocatalytic degradation were MBuP, MBzP, and phthalic acid (Xu et al. 2009 ).
Biodegradation pathway
Mineralization of phthalic acid ester in the environment is largely microbial and involves a sequence of reactions that is common to all phthalates (Hashizume et al. 2002; Staples et al. 1997; Yuan et al. 2002) . At first, the ester linkage between alkyl chains and the aromatic ring is hydrolyzed to form monoesters and then phthalic acid (Ribbons et al. 1984; Wang et al. 1999) , which is oxidized via the 3-oxoadipate pathway (Engelhardt et al. 1976; Ribbons and Evans 1960) . In the case of BBP, the same course of degradation, with monoesters as intermediates, was reported for different microorganisms Dutta 2003, 2008a; Xu et al. 2006 ). Phthalic acid is converted to protocatechuic acid, which degrades to ß-carboxy-cis,cismuconate via the ortho-cleavage pathway (Fig. 4) and is immediately transformed into γ-carboxy muconolactone leading to the TCA cycle (Chatterjee and Dutta 2008a) . Selective hydrolysis of one ester bond leading to monoalkyl phthalate and alcohol has also been reported; alcohols supported the growth of the microorganisms in these cases (Kurane 1986; Roslev et al. 1998) . Benzoate was degraded via catechol, which was further cleaved by the action of catechol 1,2-dioxygenase (Neidle and Ornston 1987; Ngai et al. 1990; Ornston 1966) . The BBP hydrolysis products benzyl alcohol and butanol were degraded sequentially, and the products were fed into the TCA cycle (Fig. 4) . Benzyl alcohol was converted to benzaldehyde by the action of benzyl alcohol dehydrogenase and further to benzoic acid by benzaldehyde dehydrogenase. These transformation processes were NAD + dependent. Although direct biotransformation products of benzoic acid have not been identified, catechol was identified as one of the intermediates of benzoic acid catabolism by Gordonia sp. strain 4818 (Chatterjee et al. 2005) . In the presence of NADH, however, the cell-free extract can transform benzoic acid and possibly the so-farundetected intermediate product cis-1,6-dihydroxy-2,4 cyclohexadiene-1-carboxylic acid, which is formed from benzoic acid, into catechol. Catechol was then degraded by catechol 1,2-dioxygenase following the ortho-cleavage pathway to form cis,cis-muconic acid. Cis,cis-muconic acid was transformed into muconolactone and ultimately entered the TCA cycle. On the other hand, butanol degradation followed the ß-oxidation pathway after being transformed into butyric acid via butyraldehyde. The transformation of butanol to butyraldehyde and butyric acid by dehydrogenases was assumed to be NAD + dependent (Chatterjee et al. 2005) . Degradation of BBP by co-cultures followed the same pathway as degradation by single cultures (Chatterjee and Dutta 2008a, b) . Xu et al. (2006) described the degradation pathway of BBP by P. fluorescens B-1. The strain first cleaved the ester bonds of the diester to yield phthalate monoesters. Then monoesters were degraded to form phthalic acid, which after decarboxylation, was converted to benzoic acid. Benzoic acid was further metabolized to produce carbon dioxide and water, but these latter steps have not been elucidated in detail.
Fungal degradation of BBP differs from bacterial degradation of BBP. BBP degradation by fungal cutinase (F. oxysporum f. sp. pisi) and yeast esterase (C. cylindracea) produces IBF via ester hydrolysis, followed by spontaneous oxo bridge formation (Kim et al. 2002) . IBF is then converted to BMP and DMP via transesterification of esterase and cutinase (separately) in 0.1% methanol. Another compound, benzene methanol, was found as an ester hydrolysis product of BBP. The composition of conversion products of IBF depends on the enzymes involved. The relative amounts of products of BBP degradation generated by the hydrolytic enzymes cutinase and esterase differed. Cutinase degradation mainly produced an unidentified compound while esterase degradation mainly produced BMP. Methyl and butyl esters in BMP and DMP found among the reaction products were thought to originate from the esterification of one of the hydrolysis products of BBP by methanol (Kim et al. 2002) (Fig. 4) .
In the photocatalytic degradation pathway, BBP was first converted into a radical anion and then formed an anionic species with the addition of a hydroxyl radical in the corresponding carbon atom. This species then becomes protonated and loses a butanol or benzyl alcohol from the BBP moiety, forming MBuP and MBzP. Monoesters are then transformed to produce phthalic acid by the action of electrons and hydroxyl radicals. Phthalic acid is finally mineralized to CO 2 and water (Xu et al. 2009 ).
Future research on BBP biodegradation
The catabolic ability of microorganisms used in bioremediation can be enhanced by genetic engineering. With genetic engineering, researchers can generate novel degradation pathways by assembling catabolic modules of different origins in the same host cell. Recombinant organisms potentially allow the expansion of the specificity of degradation pathway to new substrates, completion of incomplete pathways, or even creation of new pathways not represented in nature. Bacteria or fungi harboring multiple catabolic pathways can be constructed. Rational combination and extension of natural catabolic pathways by genetic engineering may allow the degradation of recalcitrant xenobiotics and prevent the formation of dead-end products. However, undesirable non-target effects must be excluded before such organisms are released into the environment. Evolution of natural catabolic capabilities proceeds much slower than the speed with which new xenobiotics are being developed and introduced into the environment. Furthermore, the direction of selection pressure exerted by xenobiotics on natural microorganisms is not necessarily congruent with the demands of bioremediation. For example, xenobiotics that are toxic to microorganisms and/or that yield a low amount of net energy are less likely to become the target of new pathways than nontoxic, high-energy yielding xenobiotics, irrespective of their relevance for the health of humans and animals. We therefore expect that catabolic pathways designed by humans will be instrumental in the removal of toxic man-made chemicals like BBP from the environment in future. Open Access This article is distributed under the terms of the Creative Commons Attribution Noncommercial License which permits any noncommercial use, distribution, and reproduction in any medium, provided the original author(s) and source are credited.
